Abstract Biochars are adsorptive solids
and reduce the proportion of O-containing functional groups, thereby reducing the cation exchange capacity (Ahmad et al. 2014) .
Effects of biochars on soil microorganisms have been much less thoroughly investigated than their effects on soil chemical characteristics (Lehmann et al. 2011) . Biochars can potentially be of benefit to soil microbes, creating Bmicrobial growth hotspots^, through adsorption of microbe-inhibiting compounds such as ethylene, provision of an improved microbial habitat (with better water and nutrient retention, protection from predators and bulk density reduction) and supply of a carbon source (Gomez et al. 2014; Ameloot et al. 2013 ). The latter benefit may be particularly marked if the original soil is relatively poor in soil organic matter or nutrients; biochars possess a leachable and mineralisable fraction but they contain, in comparison with soil organic matter, a greater proportion of aromatic C and irregularly fused aromatics which constitute a markedly recalcitrant source of C or N (Lehmann et al. 2011) . A meta-analysis of biochar decomposition in soils indicates the labile C fraction, composed mainly of lipids and carbohydrates, to be around 3%, and the recalcitrant fraction 97%, respectively with mean residence times of 108 days and 556 years (Wang et al. 2016 ).
The potentially negative effects of biochar application on soil microbes should not be overlooked. Kookana et al. (2011) detailed how biochar application may effect an excess of nutrients, a rise in electrical conductivity or release of toxic components from the biochar. With reference to the latter, Watzinger et al. (2014) surmised the negative effects of a willow-derived biochar on the microbial biomass of a sandy soil to have arisen due to the amendment's inherent polycyclic aromatic hydrocarbons, while biochar-derived cresols and xylenols (Kookana et al. 2011) or phenolic compounds (Wang et al. 2016 ) may also be bactericidal or fungicidal.
In addition to their potential beneficial effects on soil properties such as nutrient and water retention and structure, biochars have received attention as worthwhile soil amendments in the area of mitigating effects of contaminants. Owing to their surface area and porosity being orders of magnitude higher than uncharred feedstocks, the bioavailability of organic contaminants can be decreased following their application and resultant pollutant sorption or partition into micropores (Beesley et al. 2010 (Beesley et al. , 2011 Ahmad et al. 2014; Tang et al. 2013) . Nevertheless, while a biochar-induced decrease in organic contaminants' bioavailability may be desirable, restricted microbial access may also cause hindered biodegradation of the chemical, effectively increasing its environmental halflife (Zhang et al. 2013) .
The likelihood or not of organic contaminants' deleterious effects on soil microbes is governed by the pollutant's toxicity and soil factors including moisture, temperature, pH, clay content and humus content, the latter three of which affect solubility and sorption (Welp and Brümmer 1999) . Nitrophenols can accumulate in soils due to excessive application of nitroaromatic pesticides such as parathion or methylparathion, with pnitrophenol (pNP) being a hydrolytic breakdown product of these xenobiotics (Labana et al. 2005) . It may also be diffusely deposited in soils from diesel and petrol exhausts ). While pNP is toxic to many microorganisms, several bacterial strains have been proven to degrade it, including species of Athrobacter, Serratia, Rhodococcus and Moraxella, while Agrobacterium strain Yw12 could utilise it, via intracellular enzymes, as a sole carbon and energy source (Wang et al. 2012) . Paranitrophenol may be biodegraded via mineralisation or biotransformation into different organic compounds, with some bacterial strains demonstrating chemotaxic movement towards it (Arora et al. 2014) .
Phenol can occur naturally in soils as a soil organic matter breakdown product but elevated soil concentrations of it largely arise due to anthropogenic activities such as agrochemical production and fossil fuel combustion (Mrozik et al. 2011) . It is a water-soluble weak acid whose adsorption depends on soil organic matter and clay content. As for pNP, phenol can be rapidly biodegraded; various strains of yeasts, filamentous fungi and bacteria in particular are capable of its breakdown (Nesvera et al. 2015) . Nevertheless, it accumulates in contaminated soils due to its microbial toxicity (Environment Agency 2009).
With reference to inorganic contaminants, biochar application can induce heavy metal detoxification. The abundance of functional groups allow for metal-ligand complexation, whereas the typical biochar postapplication effect of raising pH permits ionic interaction with pH-dependent adsorption sites and possible precipitation of metal carbonates, hydroxides and phosphates (Hanauer et al. 2012; Kookana et al. 2011) . On the other hand, immobilization of heavy metal ions following biochar application could potentially decrease micronutrient bioavailability (Beesley et al. 2011) .
Copper and cadmium, both predominantly divalent cations in the soil environment, differ in their geochemical behaviour in that copper has a tremendous affinity for binding with organic matter ligands, so much so that pH has less effect on its solubility than on that of Cd (Oorts 2013) , which binds to carboxylic and phenolic groups of humus or hydroxyl groups of oxyhydroxides (Smolders and Mertens 2013) . Accordingly, soil pore water Cu concentrations have been observed to rise in biochar-amended contaminated soils while those of Cd fell, probably due to respective complexation with dissolved organic carbon and precipitation following raised pH (Beesley et al. 2010) . Biochar was also reported to have increased Cu concentration in soil pore water (Park et al. 2011 ) and leachates (Wagner and Kaupenjohann 2014) due to organic complexation. Both Cu and Cd may form precipitates in alkaline soils. Their inputs to soils may come from natural atmospheric deposition but anthropogenic inputs such as impurities in P fertilisers have enhanced Cd levels (Smolders and Mertens 2013) , whereas Cu levels have been elevated by excessive fungicide application (Mackie et al. 2015) and manure amendment (Oorts 2013) in agricultural soils. Heavy metals in general disrupt the metabolism and/or the morphology of soil microbes-they can interact with functional groups and impact on the integrity of the cell membrane, causing protein denaturation (Lu et al. 2015b) . Microbial defence against heavy metals are exemplified by the efflux pumps utilised by bacteria against excess Cu or Cd: such systems have nevertheless a high maintenance energy demand, causing reduced substrate utilisation efficiency and microbial biomass (Giller et al. 2009 ).
Many studies have focused on the potential of biochars to reduce the environmental mobility of heavy metals or recalcitrant organic contaminants. Comparatively, little work has examined their short-term effects on the soil microbial biomass, which could be affected by breakdown products of toxic but nevertheless biodegradable contaminants, or metals mobilised by the labile organic fraction.
The aims of this experiment were to ascertain whether:
& Inorganic (Cd and Cu) and biodegradable organic (p-nitrophenol and phenol) contaminants negatively impact soil microbial biomass and respiration & Biochar mitigates any observed negative impacts of the pollutants & The ameliorative mechanisms can be deduced
Materials and Methods

Soil, Biochar and Contaminants
Soil was collected from the top 30 cm of a pasture field in Bedburg-Hau, Germany, sieved (<2 mm) and stored at 5°C for 1 month prior to the experiment beginning. The soil has the following general properties: pH 5.35 (H 2 O), sandy loam textural class (70% sand, 17% silt, 13% clay), 2.38% organic matter. The biochar utilised was produced from a willow residue (stem and leaves) feedstock at 600°C (Pyreg GmbH, Dörth, Germany) and contains 72.9% C and 0.9% N. Biochar-amended soils received 5% on a weight/weight basis. Organic contaminant-spiked samples received 250 mg/kg paranitrophenol (Sigma-Aldrich, Steinheim, Germany) or phenol (Amresco, Ohio, USA) concentrations marginally lower than the UK Soil Guideline Value for phenol in allotments (Environment Agency 2009). Heavy metal-spiked soils were amended with 50 mg/ kg Cu (using CuSO 4 .5H 2 O, Sigma-Aldrich, Steinheim, Germany) or Cd (CdSO 4 , Alfa Aesar, Karlsruhe, Germany), based on the German Cd trigger level for parks (European Commission 2007) . All contaminants were applied in solution to soil.
Experimental Design
The incubation experiment was carried out for 28 days at 22°C with all samples (100 g dry weight) adjusted to 50% of the maximum water-holding capacity in 1 L glass jars. All of the following treatments were carried out in replicates of five: 
Analytical Procedures
Evolved CO 2 during the 28-day incubation was absorbed in alkali traps containing 0.5 M NaOH solution. Traps were removed from all jars after 4, 8, 15, 22 and 28 days prior to being back titrated with 0.1 M HCl (after addition of 5 mL 1.0 M BaCl 2 solution) using a Titroline® 6000 automatic titrator (SI Analytics, Mainz, Germany). Quantities of evolved CO 2 were used to calculate cumulated CO 2 -C (CC), basal respiration (μg CO 2 -C g −1 soil evolved during the last 7 days of incubation) and the microbial biomass-specific respiration rate (CO 2 /C mic , CO 2 -C evolved per unit of microbial biomass C per day, based on basal respiration data). Microbial biomass C (MBC) and N (MBN) was determined by fumigation extraction (Brookes et al. 1985; Vance et al. 1987) . At the end of the incubation period, fumigated and non-fumigated portions of 10 g moist soil were extracted for 30 min by oscillating shaking at 200 rev/min with 40 mL 0.5 M K 2 SO 4 . Fumigation was carried out in desiccators for 24 h at room temperature. Organic C and N in the extracts were measured using a multi N/C 2100S analyser (Analytik Jena AG, Jena, Germany). MBC was calculated as E C / k EC , where E C = (organic C extracted from fumigated soils) − (organic C extracted from non-fumigated soils) and k EC ; the correction factor for MBC = 0.45 (Wu et al. 1990 ). MBN was calculated as E N /k EN , where E N = (organic N extracted from fumigated soils) − (organic N extracted from non-fumigated soils) and k EN ; the correction factor for MBN = 0.54 (Brookes et al. 1985) . The MBC and MBN allowed calculation of the microbial quotient (MBC divided by % organic carbon) and the microbial C:N ratios. The non-fumigated extracts were used to determine extractable C and N.
At the end of the experiment, subsamples from each jar were air-dried prior to pH determination (H 2 O, 1:5 soil/water ratio).
Calculations and Statistical Analyses
The figures presented in the tables and graphs are arithmetic means and are given on an oven-dry weight basis (24 h, 105°C). Significance of treatment effects was tested by a two-way analysis of variance (ANOVA) using biochar amendment and contaminant spiking as independent factors. Prior to mean comparison, all data were tested for normal distribution and homoscedasticity. If data were not normally distributed, transformation was conducted, as indicated in Table 1 and the figures. Where data were not easily transformed, non-parametric tests were used. All statistical calculations were performed using JMP 8.0 (SAS, USA). Table 1 Mean values of the microbial quotient (C mic /C org ), the microbial biomass-specific respiration (CO 2 /C mic ), pH and the basal respiration Treatment C mic /C org (%) CO 2 /C mic (mg CO 2 -C day Values show arithmetic means and are followed by standard deviations in brackets (n = 5). Different letters indicate significant differences
Results
In all contaminant treatments, biochar induced significant increases in cumulated respiration relative to the corresponding samples receiving no biochar, with the exception of phenol (Fig. 1) . The differences between the respiration observed in the biochar-amended samples and those receiving no biochar was much more marked for the control treatment and treatments involving metal contaminants than those featuring organic ones. Paranitrophenol induced a significant increase in cumulated respiration relative to the control where no biochar was added, whereas phenol-amended soil samples showed a significant decrease in cumulated respiration where biochar was added. The basal respiration results (Table 1 ) reveal copper to have the most pronounced negative impact of all the contaminants: the values are significantly lower relative to the other treatments in both the biochar-amended and non-amended samples. There was a biochar-induced increase in basal respiration in the control and metal treatments. With reference to the organic contaminants, the biochar-induced increase in basal respiration was not significant in the phenol-spiked samples, whereas the trend was reversed for pNP: basal respiration was significantly higher where biochar was not applied. Indeed, the samples amended with pNP had the highest basal respiration rates of all treatments.
The microbial biomass-specific respiration (MBSR) results (Table 1) revealed no significant differences between the biochar-amended samples and their corresponding non-amended controls in all treatments with the exception of pNP: here, the MBSR was markedly and significantly higher in the non-biochar samples. This would indicate either increased microbial stress due to the contaminant or a combination of increased respiration due to contaminant breakdown and the survivors of the contaminant's toxicity utilising the necromass as a substrate. Consideration of the microbial quotient results (Table 1) would suggest the latter: those for the pNP-amended samples had the significantly lowest mean, whereas with biochar, that of the pNPamended samples was considerably higher.
Relative to the control samples, Cu and pNP induced significant reductions in MBC when biochar was not concurrently added (Fig. 2) . These significant reductions were not present when biochar had been added to the samples; there was an overall tendency for biochar to improve MBC and MBN when comparing biocharamended samples with their corresponding nonamended controls. The differences were not significant in the control, Cd and Cu treatments; in the pNP treatment, however, biochar induced huge significant increases in MBC and MBN, resulting in concentrations significantly higher than those of the controls (Fig. 2) . Conversely, biochar tended to reduce extractable C and N concentrations within each treatment, perhaps highlighting the adsorptive characteristic of the amendment (Fig. 3) , although these reductions were only significant for N where soils had been amended with Cu, and for C where soils were spiked with pNP. Table 1 displays the biochar amendments to have effected an average pH rise of about 1.6 units in all treatments. This pH rise is a possible explanation for the tendency biochar displayed to reduce microbial Cto-N ratios across all treatments, albeit rarely with statistical significance (Fig. 4) : the pH rise may have caused bacterial competitive dominance.
Discussion
It should be acknowledged that microbial respiration may be overestimated in biochar-amended soil owing to the dissolution of abiotic C from pyrolysis-formed carbonates or chemisorbed carbon dioxide being displaced by oxygen (Ameloot et al. 2013) , while MBC results from these soils could be biased due to biochar sorbing microbial C (Bamminger et al. 2014) or Fig. 1 Cumulated CO 2 -C soil evolution over the 28 days of incubation at 22°C (n = 5). Different letters indicate significant differences between the means of the treatments (p < 0.05, Kruskal-Wallis on ranks and Holm-Sidak). Error bars display the standard deviation fumigation dissolving some C from biochar (Ameloot et al. 2013) .
Nevertheless, in all treatments in our experiment, biochar application generally effected increased microbial respiration and biomass relative to non-amended controls, albeit not always significantly. Biochar stimulated respiration and MBC in a heavy metalcontaminated soil 12 months after application (Hanauer et al. 2012) , while samples of a Cd-polluted soil incubated with biochar after 60 days displayed MBC and respiration respectively at least 28 and 48% higher than in control samples (Lu et al. 2015b ). Conversely, Bamminger et al. (2014) recorded no significant differences in the microbial biomass of biocharamended soils relative to controls over a 57-day incubation, while Mackie et al. (2015) in a longer-term (>8 months) trial in a Cu-contaminated vineyard soil reported no influence of biochar on MBC or MBN. Overall, soil microbial biomass is considered a useful indicator when assessing heavy metal toxicity but is subject to high spatial variability due to the Bpatchinessô f heavy metal and carbon distribution in soil (Chander et al. 2001; Giller et al. 2009 ).
Biochar amendment may induce markedly increased microbial respiration and biomass in soils relatively poor in organic matter (Ameloot et al. 2013) , and the resultant improved microbial conditions can lead to Bpositive priming^of native SOM, particularly in Fig. 2 Mean values of microbial biomass C (C mic ) and microbial biomass N (N mic ). Values show arithmetic means (n = 5). Different letters indicate significant differences between the means of the treatments (p < 0.05, C mic means analysed by a two-way ANOVA on sqrt-transformed data, N mic means analysed by Kruskal-Wallis on ranks and Holm-Sidak). Error bars display the standard deviation Fig. 3 Mean values of K 2 SO 4 -extractable C and N (n = 5). Different letters indicate significant differences between the means of the treatments (p < 0.05, Kruskal-Wallis on ranks and Tukey). Error bars display the standard deviation relatively poorly fertile soils with <10% clay (Wang et al. 2016) . The sandy loam soil used in this experiment does not fulfil those criteria, and so it is likely that the increased microbial biomass and respiration arose from a plethora of microbial benefits that the biochar amendment induced, including what other authors have summarised as supply of a habitat for soil microbes with predator protection (Lu et al. 2015a) , an improvement in structure and aeration (Lu et al. 2015b ) and nutrient retention (Lehmann et al. 2011) , utilisation of the small but significant fraction of labile carbon within biochar (Gomez et al. 2014; Bamminger et al. 2014 ) and, of particular pertinence to this study, the ability of biochar to reduce the bioavailability of toxins (Lu et al. 2015a; Gomez et al. 2014; Lehmann et al. 2011) .
Both heavy metal contaminants used in this experiment, and particularly Cu, induced reductions in basal respiration, cumulated respiration and MBC, relative to the control, without biochar application. FernandezCalvino and Baath (2016) over a 60-day incubation also observed cumulated respiration to have been reduced 15-44% by Cu, whereas Knight et al. (1997) observed Cu and Cd to have significantly reduced microbial respiration 3 years after application to soil with a similar pH (5.1) to the one used in this experiment, while Cu reduced microbial biomass at the lower pH of 4.5.
Simultaneous biochar amendment in our study induced significant improvements in these criteria, often to a level of statistical comparability with the biocharamended control samples. Biochar application was summarised by Beesley et al. (2011) as improving retention of Cu via the raised pH also observed in our study (Table 1) increasing the cation exchange capacity of the soil, while Ahmad et al. (2016) , in a 90-day incubation using Cu-contaminated soil, observed a post-biochar application pH rise of 2 units which was thought to have caused Cu hydroxide precipitation. Given that the soil used in our study was relatively acidic and biochar amendment did not bring the pH above 7, increased sorption rather than precipitation of heavy metal ions was the more likely detoxification mechanism. Sorption and complexation with carboxylic and phenolic ligands following biochar application would also be expected to increase following biochar application and concurrent pH rise (Hanauer et al. 2012) ; organically bound Cu in biochar-amended contaminated soil was demonstrated by Ahmad et al. (2016) to have risen. A fraction of the complexation would occur with dissolved organic compounds, keeping it in a potentially bioavailable form, which possibly explains why biochar application in our study did not raise the basal respiration of Cu-treated soils to a level comparable to that of the control biochar-amended samples.
The induced pH rise, as well as increasing heavy metal sorption, precipitation or complexation, may also in itself induce changes in the composition of the soil microbial community (Jain et al. 2016) . Gomez et al. (2014) reported an increase of gram-negative bacteria relative to fungi following application of a woodderived biochar to soil, while Watzinger et al. (2014) observed increases of acidity-sensitive actinomycetes after amending a slightly acidic sandy loam soil with a wheat husk derived biochar. The effective stimulation of Bdormant^soil microbes may also contribute to biocharinduced respiration increases (Ameloot et al. 2013) . While fungi have been reported to be less sensitive to heavy metals than bacteria (Chander et al. 2001; Fernandez-Calvino and Baath 2016) , bacteria are likely to become more abundant up to pH 7, whereas fungi may be reduced (Lehmann et al. 2011) . Our experiment's results indicate that the pH rise following biochar application may have effected bacterial competitive dominance over fungi and therefore lower microbial C:N ratios (Fig. 4) .
Regarding the organic contaminants used in our study, it is important to note that biodegradation of sorbed compounds may be overestimated in biocharamended contaminated soils owing to biochars being a source of persistent macromolecular free radicals which can chemically degrade the pollutants, as has been Fig. 4 Mean values of microbial C-to-N ratio (n = 5). Different letters indicate significant differences between the means of the treatments (p < 0.05, two-way ANOVA on sqrt-transformed). Error bars display the standard deviation demonstrated for pNP by Yang et al. (2016) . Phenol and pNP are two chemicals broadly comparable in their toxicity to soil microbes and degradability; both at lower concentrations have a half-life in soils on the timescale of days (ATSDR 1992 (ATSDR , 2008 , and the literature provides numerous examples of microbes capable of utilising them as substrates, with biodegradation being hindered at higher concentrations. They both induced significant increases in basal respiration rates relative to the control when biochar was not added (Table 1) . Without concurrent biochar addition, both contaminants increased the cumulated respiration in comparison to the control, significantly in the case of pNP (Fig. 1) . Perusal of the microbial quotient data (Table 1) initially highlights contrasting effects of these chemicals: while both had lower microbial quotients than the control without biochar concurrent application, indicating a toxic effect of the contaminants, only pNP displayed a significant increase relative to the control when biochar was applied. This indicates stimulation of microbial growth in pNP-contaminated soil when biochar is co-applied; this interpretation is made more concrete when considering the MBSR data (Table 1) . Paranitrophenol-amended soil had greater MBSR than the control without biochar application; this was enormously reduced when biochar was applied, a reduction not seen with any other contaminant, suggesting an improvement in microbial conditions and growth where concurrent biochar and pNP application occurred. This is confirmed by the MBC and MBN results (Fig. 2) : the toxicity of pNP is demonstrated by the significant reduction of MBC relative to the control without biochar, but the stimulation of MBC and MBN to concentrations significantly higher than those of the control display the microbial growth induced by concurrent pNP/biochar amendment. One supposition why this should occur with pNP but not phenol is that it is due to the former's nitrogenous nature: containing 10% nitrogen and being relatively biodegradable, pNP could be utilised as a nitrogen source by the microbes that survived its toxicity. Given that this only occurred with concurrent biochar amendment, this would indicate the partial detoxification of the compound through sorption to biochar, after which the surviving microbial community could degrade the contaminant and grow. The microbial reaction to this contaminant has a tradeoff between its degradability and its toxicity: lower concentrations may be easily degraded, while high concentrations in soil comparable to those in our study used by Labana et al. (2005) were not broken down effectively, possibly due to its microbial toxicity. The biochar application in our experiment has mitigated this toxic effect.
Phenol toxicity has been reported to be higher where SOM is low, ensuring high bioavailability (Environment Agency 2009); indeed, activated carbon allowed microbes to tolerate phenol concentrations ten times higher than without, by sorbing the contaminant and reducing the microbial exposure to toxicity (Ehrhardt and Rehm 1985) . Humus is the most effective sorbent for organic contaminants in soil (Mrozik et al. 2011 ) and so biochar amendment of soil not particularly rich in SOM such as the one used in our study clearly reduced the negative microbial effects of phenol and pNP.
Conclusions
In our 28-day incubation experiment, negative effects of Cu, Cd, pNP and phenol on soil microbial biomass and respiration were generally ameliorated by concurrent biochar application. Biochar amendment, relative to Cd-and Cu-spiked controls receiving no biochar, induced improvements in basal respiration, cumulated respiration and microbial biomass, frequently significantly. The pH rise caused by the biochar amendment is likely to have effected metal toxicity amelioration through increasing the number of negative binding sites in the soil, while the biochar's abundance of functional groups led to increased metal sorption and complexation. The latter phenomenon evidently did not maintain the metals in a mainly bioavailable form.
Phenol and pNP, two organic contaminants potentially toxic to soil microbes but capable of being rapidly biodegraded, caused increases in cumulated respiration when applied without biochar, likely due to the surviving microbes utilising both the compound and necromass. Paranitrophenol proved to have particularly inhibitory effects on the soil microbial biomass without concurrent biochar application; with biochar, however, microbial growth was stimulated to higher levels than in the biochar-amended controls. This is thought to have arisen as a result of the biochar causing increased sorption of the organic contaminant, with surviving microbes able to utilise it as a carbon and nitrogen source. The potential nitrogen-fertilising effect of pNP breakdown should be investigated in further trials comparing application of similar amounts of inorganic N; similarly, the pH-raising effect of biochar should be simulated with lime to ascertain whether its beneficial effects with regard to heavy metal toxicity mitigation can be separated from the other microbial benefits biochar applications can bring, such as improved structure and water retention. Overall, biochar application is a highly promising strategy for reducing the soil microbial toxicity of heavy metals and aromatic organic contaminants, particularly p-nitrophenol.
